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A B S T R A C T
Effluents from urban wastewater treatment plants (WWTP) consist of complex mixtures of substances that can
affect processes in the receiving ecosystems. Some of these substances (toxic contaminants) stress biological
activity at all concentrations, while others (e.g., nutrients) subsidize it at low concentrations and stress it above a
threshold, causing subsidy-stress responses. Thus, the overall effects of WWTP effluents depend mostly on their
composition and the dilution capacity of the receiving water bodies. We assessed the immediate and legacy
effects of WWTP effluents in artificial streams, where we measured the uptake of soluble reactive phosphorus
(SRP) by the biofilm, biomass accrual, benthic metabolism and organic matter decomposition (OMD). In a first
phase (32 d), the channels were subjected to a gradient of effluent contribution, from pure stream water to pure
effluent. WWTP effluent affected the ecosystem processes we measured, although we found no clear subsidy-
stress patterns except for biofilm biomass accrual. Instead, most of the processes were subsidized, although they
showed complex and process-specific patterns. Benthic metabolism and OMD were subsidized without satura-
tion, as they peaked at medium and high levels of pollution, respectively, but they never fell below control levels.
SRP uptake was the only process that decreased with increasing effluent concentration. In a second phase of the
experiment (23 d), all channels were kept on pure stream water to analyse the legacy effects of the effluent. For
most of the processes, there were clear legacy effects, which followed either subsidy, stress, or subsidy-stress
patterns. SRP uptake capacity was stressed with increasing pollution legacy, whereas algal accrual and benthic
metabolism continued being subsidized. Conversely, biofilm biomass accrual and OMD showed no legacy effects.
Overall, the WWTP effluent caused complex and process-specific responses in our experiment, mainly driven by
the mixed contribution of subsidizers and stressors. These results help improving our understanding of the effects
of urban pollution on stream ecosystem functioning.
1. Introduction
Cities have been expanding exponentially as a consequence of po-
pulation growth and migration from rural to urban areas (Jones and
O´Neill, 2016). Associated to urban growth, inputs of sewage water,
either raw or treated in waste water treatment plants (WWTPs), are a
relevant point-source pollution in river ecosystems (Vörösmarty et al.,
2010). WWTPs reduce urban pollution (Tchobanoglous and Burton,
1991; Serrano, 2007), but their effluents still contribute complex mix-
tures of substances including organic matter, nutrients (Carey and
Migliaccio, 2009; Martí et al., 2009), metals, pesticides and emergent
pollutants such as pharmaceuticals, personal care products, or even il-
licit drugs (Gros et al., 2007; Santos et al., 2013; Rosi-Marshall et al.,
2015; Aymerich et al., 2017). Given their content of assimilable and
toxic compounds, they could either subsidize ecosystem processes or
stress them (sensu Odum et al., 1979) depending on their exact com-
position and final concentration (Cardinale et al., 2012; Rice and
Westerhoff, 2017), as well as on the composition of the biological
communities receiving the effluents (Segner et al., 2014). Therefore, the
ecological effects of these effluents are still far from clear (Aristi et al.,
2015). For instance, inorganic nutrients promote (subsidize) biological
activity up to a threshold where they become toxic and start reducing it
below "normal" levels (stress), whereas most heavy metals, pesticides or
even antibiotics tend to suppress biological activity roughly in pro-
portion to their concentration (Rodríguez-Mozaz and Weinberg, 2010;
Peters et al., 2013). Both assimilable and toxic compounds impair water
quality (Beyene et al., 2009; Ribot et al., 2012), alter the structure of
biological communities (Bundschuh et al., 2011; Drury et al., 2013;
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Rosi-Marshall et al., 2015), and affect the rates of different ecosystem
processes (Aristi et al., 2015; Corcoll et al., 2015). On the other hand,
the final concentration of these effluents depends on the dilution ca-
pacity of the receiving water body, which can be affected by human
activities such as water abstraction (Arroita et al., 2016), or climate
change (Hisdal et al., 2001; Englert et al., 2013).
Ecosystem functioning reflects the fluxes of energy and matter in
ecosystems (Tilman et al., 2014; von Schiller et al., 2017). Although
explicitly included in the EU Water Framework Directive (WFD), which
defines ecological status as “an expression of the structure and func-
tioning of aquatic ecosystems associated with surface watersˮ, eco-
system functioning is seldom considered in current monitoring schemes
(Birk et al., 2012). In addition to being an essential component of
ecosystem health, it is at the basis of the services provided by river
ecosystems (Millennium Ecosystem Assessment, 2005). However, we
still largely ignore how ecosystem functioning responds to WWTP ef-
fluents and their potential legacy effects. Contradictory responses have
been reported depending on the processes measured; for instance, or-
ganic matter decomposition (OMD) increases in stream reaches re-
ceiving effluent inputs (e.g. Pascoal et al., 2003), whereas nutrient re-
tention is either unaffected (Haggard et al., 2001, 2005) or even
reduced after receiving WWTP effluents (Martí et al., 2004;
Merseburger et al., 2005, 2011). Besides, responses on autotrophic and
heterotrophic processes may differ when effects are estimated at the site
or are upscaled to the whole-ecosystem (e.g. Aristi et al., 2015). Also the
experimental duration may influence the pattern of response (Aristi
et al., 2016). Finally, effects may persist even when effluents are no
longer received, producing a legacy which delays the recovery capacity
of the ecosystem. Although the legacy effects of stressors are widely
recognised (Holeton et al., 2011; Sharpley et al., 2013), very few works
have experimentally addressed this issue (Alvarez et al., 2014).
The effects of WWTP effluents on ecosystem functioning depend on
their final concentration in the receiving water, and thus, are difficult to
assess in the real world. This situation prompts for laboratory experi-
ments under controlled conditions, allowing for a mechanistic under-
standing that otherwise would remain elusive in field conditions
(Benton et al., 2007). In the case of river ecosystems, artificial indoor
channels have been used to unveil complex ecological phenomena. For
instance, the interaction between nutrients and emerging contaminants
(Aristi et al., 2016), the importance of the duration of non-flow periods
in intermittent waterways (Acuña et al., 2015), the effect of altered diel
temperature patterns associated to global warming (Freixa et al., 2017),
or the effects of pharmaceuticals and illicit drugs on stream biological
communities (Hoppe et al., 2012; Lee et al., 2016).
We investigated the impact of WWTP effluents on ecosystem pro-
cesses by conducting a laboratory experiment using artificial streams, in
which potentially confounding environmental factors were strongly
simplified. We aimed at testing the following predictions: (1) biological
processes would respond to the gradient of effluent dilution capacity
following a subsidy-stress scheme, i.e., showing an increase at low to
moderate proportions of effluent, but a decrease below control (pure
stream water) levels at high proportions; (2) the response pattern would
diverge among processes; and (3) the effluent would produce legacy
effects, i.e., affect the recovery capacity of the process, in a way roughly
proportional to the effluent concentration.
2. Material and methods
2.1. Experimental design
We conducted an experiment using a series of artificial streams lo-
cated in the indoor Experimental Streams Facility of the Catalan
Institute for Water Research (Girona, Spain). Each artificial stream was
assigned to one of eight treatments, from non-polluted water (control
treatment) to pure WWTP effluent (0%, 14%, 29%, 43%, 58%, 72%,
86% and 100% of WWTP effluent water). We used three replicates per
treatment (8 treatments× 3 replicates= 24 artificial streams) dis-
tributed in four separate arrays of six artificial streams, with each
treatment represented only once per array. The dilution values were
designed to represent a regression design (Navarro et al., 2000) from an
unpolluted stream scenario with no WWTP contribution, to a temporary
stream scenario during the dry phase, when 100% of the water flow
comes from the WWTP effluent. The design was also aimed at detecting
tip-points and thresholds between subsidy and stress for each of the
measured processes.
The experiment was developed between January 19th and March
31st, 2017. After an acclimation phase of 15 d, artificial streams were
subjected to the different treatments during a first exposure phase (32
d), followed by a recovery phase (23 d), in which the flow of clean
water was restored in all the artificial streams. Other research per-
formed in the same artificial channels (e.g., Aristi et al., 2016; Freixa
et al., 2017; Subirats et al., 2018) used previously sterilized sediment,
which was left for 3 weeks to allow biofilm colonization. However, we
used field-colonised sediment (see below) and thus, the colonized bio-
films were left for 2 weeks for acclimation to the laboratory conditions.
The duration of the exposure phase was fixed based on previous re-
search in the channels, which showed a fast biofilm response under our
experimental conditions. The recovery phase lasted for 23 days, which
allowed us to measure short-term responses.
2.2. Experimental conditions
Each artificial stream consisted of an independent methacrylate
channel (length-width-depth: 200 cm – 10 cm – 10 cm), and a 70-L
water tank from which water was re-circulated. Each stream received a
constant flow of 50mL s−1 and operated as a closed system for 72 h, so
all the water in each channel was renewed every three days. Water
mean velocity was 0.71 cm s−1 and water depth over the plane bed
ranged from 3 to 3.5 cm. Each artificial stream was filled with 5 L of
sand and 14 cobbles collected from an unpolluted segment of the
nearby Llémena River. The Llémena is a permanent Mediterranean
oligotrophic calcareous stream, which has been previously used as a
reference site for ecotoxicological laboratory experiments on biofilms
due to its relatively low concentration of contaminants (Bonnineau
et al., 2010; Serra et al., 2010; Corcoll et al., 2015). The sediment and
cobbles were transported in less than 1 h to the artificial streams and
evenly distributed to create a plane bed to facilitate biofilm growth.
During the acclimation phase, the biofilm was allowed to grow on the
artificial streams from the inoculum present in these sediments and
cobbles. After the exposure phase, additional cobbles from the Llémena
River were included in the channels to mimic colonization from up-
stream reaches.
The artificial streams were fed with rainwater filtered through ac-
tivated carbon filters, and WWTP effluent water added to every set of
them following the above dilution scheme. Treated effluents were col-
lected at the WWTP of Quart (Girona, Spain), transported in 200-L
tanks, and transferred to the artificial streams in less than 2 h. Daily
cycles of photosynthetic active radiation (PAR) in the channels were
defined as 10 h daylight (09:00–19:00)+ 14 h darkness (19:00–09:00)
using LED lights (120W; Lightech, Girona, Spain). PAR was held con-
stant at 174 ± 33 µEm−2 s−1 during the daytime and recorded every
10min using 4 quantum sensors located across the whole array of
streams (sensor LI-192SA, LiCOR Inc, Lincoln, USA). Air temperature
was maintained at 10 °C during the acclimation phase and at 15 °C
during the exposure and recovery phases, with an air humidity of 30%,
to allow a gradual acclimation of the biofilm from the stream conditions
to the artificial channel conditions. Additionally, water temperature
was held constant at 20 °C over the whole experiment and it was re-
corded every 10min using VEMCO Minilog temperature data loggers
(−5 to 35 ± 0.2 °C) (TR model, AMIRIX Systems Inc, Halifax, NS,
Canada). Overall, physico-chemical conditions in the artificial streams
(water velocity, temperature and light cycles) emulated those of the
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Llémena River during early spring.
2.3. Water chemistry
Background physico-chemical conditions [pH, temperature (T),
conductivity and dissolved oxygen (DO) concentration and saturation]
were measured at noon every 3–4 d from water collected on the channel
outlet of each artificial stream using hand-held probes (WTW multiline
3310, Weilheim, Germany; YSI ProODO handled, YSI Inc., Yellow
Springs, OH, USA). 24 h after the renewal of the artificial streams
concentrations of nutrients, major anions and cations, and dissolved
organic carbon (DOC) were measured from water collected from the
channel outlet. Water for nutrient analyses was immediately filtered
through 0.2-µm pore size nylon filters (Whatman, Kent, UK) into pre-
washed polyethylene containers. The concentration of soluble reactive
phosphorus (SRP) was determined colorimetrically using a fully auto-
mated discrete analyzer Alliance Instruments Smartchem 140 (AMS,
Frépillon, France). The concentration of anions [nitrate (N-NO3-), ni-
trite (N-NO2-), sulphate (SO42-), chloride (Cl-) and bromide (Br-)] and
cations [ammonium (N-NH4+), calcium (Ca2+), magnesium (Mg2+),
sodium (Na+) and potassium (K+)] were determined on a Dionex ICS-
5000 ion chromatograph (Dionex Corporation, Sunnyvale, USA). Water
for DOC analysis was immediately filtered through ashed 0.7-µm pore
size glass fibre filters (Whatman GF/F, Kent, UK). The concentration of
DOC was determined using a Shimadzu TOC-V CSH (Shimadzu
Corporation, Kyoto, Japan). Heavy metal concentrations were analyzed
on water samples of the most polluted treatment (100%) filtered
through 0.45-µm pore size nylon filters (Whatman, Kent, UK) collected
the last day of the first experimental phase (32 d) and determined by
ICP-MS (7500c Agilent Technologies, Inc. Willington, DE).
2.4. Response processes
The stream ecosystem functional response was assessed by mea-
suring the SRP uptake capacity (USRP) of the biofilm, its biomass accrual
[Chlorophyll-a (Chl-a) and ash-free dry mass (AFDM)] and the meta-
bolism of the benthic community [gross primary production (GPP) and
community respiration (CR)]. The activity of the microbial hetero-
trophic community was also assessed by the capacity to consume
available organic matter (organic matter decomposition, OMD).
2.4.1. Biofilm SRP uptake and biomass accrual
SRP uptake and biomass accrual of the biofilm were measured on
artificial substrata known as biofilm carriers, which have been used
elsewhere (Baldwin et al., 2003; Elosegi et al., 2018). These are artifi-
cial plastic substrata with a high surface-to-volume ratio, which are
used in WWTPs and aquaria to encourage biofilm attachment. We used
cubic polyethylene carriers 2.5 cm in side (SERA GmbH D52518,
Heinsberg, Germany), deployed at the beginning of the exposure phase
and wired to each of the streams in batches of 8 cubes. At the end of
each phase (32 d and 55 d of incubation), we recovered 1 biofilm
carrier per stream (3 replicates per treatment), which were immediately
subjected to a bioassay to measure SRP uptake capacity (see below, in
the same section) and then frozen in individual labelled plastic bags.
After thawing, biofilm was detached from the biofilm carrier using a
Branson sonifier ultrasonic cell disruptor (Branson Ultrasonic TM,
Branson Ultrasonic Corporation, Emerson Electric, USA) combining
3min of pulse mode at 70% of amplitude and 2min of continuous mode
at the same amplitude in 100mL of deionized water. The biofilm so-
lution was filtered onto ashed 0.7-µm pore size glass-fibre filters
(Whatman GF/F, Kent, UK) for the determination of Chl-a and AFDM.
The SRP uptake capacity (USRP) of the biofilm growing on the bio-
film carriers was measured by a method adapted from Elosegi et al.
(2018). Briefly, once the biofilm carriers were collected from each
channel, they were individually incubated in 100-mL clean plastic vials
with an acclimation solution (1:5 dilution of Perrier carbonated mineral
water (Nestlé, France) in deionized water), designed to ensure a suffi-
cient supply of micronutrients, for 30min at 100 rpm shaking speed,
20 °C and ~ 180 µmol m−2 s−1 light. After the acclimation phase, the
biofilm carriers were placed individually in pre-washed 60-mL plastic
vials with the same acclimation solution but spiked with a PO4 solution
(K2HPO4, 10mM=310mg P L−1) to achieve a final concentration of
5 µM P (155 µg P L−1), and incubated under the same conditions for 1 h.
This concentration was chosen as a compromise to ensure saturating
conditions for the biofilm while allowing the nutrient decline during
the incubation and the subsequent estimation of uptake. After the in-
cubation, 20mL of water were collected from each vial, and 10mL were
filtered through glass-fibre filters (0.7-µm pore size, Whatman GF/F,
Kent, UK) into 15-mL plastic tubes and frozen until analysis. Together
with the colonized substrates, control treatments using non-colonized
biofilm carriers (n= 3 on each incubation) were also used. The SRP
uptake capacity was calculated as the difference between the mean SRP
concentration of the control treatments (non-colonized substrates) and
the colonized substrates, in the incubation solution volume (L) per in-
cubation time (h). Thus, uptake capacity results were expressed in µg P
h−1. SRP uptake capacity was also standardized by the biofilm biomass
(AFDM) to obtain a clear picture about the efficiency of the biofilm to
take up phosphorus. SRP concentration was determined manually on a
double-beam UV-1800 UV–Vis Spectrophotometer (Shimadzu, Shi-
madzu Corporation, Kyoto, Japan) following the method described by
Murphy and Riley (1962). The high N/P ratio in our channels suggested
phosphorus to be the limiting nutrient.
Chl-a was measured for each filter after extraction in 90% acetone
for 12 h in the dark at 4 °C (Steinman et al., 2006). To ensure the
complete extraction of Chl-a, samples were sonicated for 30 s, twice
(30 s, 360W power, 50/60 Hz frequency, JP Selecta S.A., Barcelona,
Spain). After that, Chl-a concentration was determined spectro-
photometrically (U-2000 Spectrophotometer; Hitachi, Tokyo, Japan) by
measuring the absorbance at 665 and 750 nm wavelengths, following
the method described in Jeffrey and Humphrey (1975). Results were
expressed as µg of Chl-a cm−2 of biofilm carrier surface area. Besides,
AFDM was used as an estimate of biofilm biomass. For its determina-
tion, another subsample of the biofilm extract was filtered on pre-
weighed filters, dried at 70 °C for 72 h to constant weight, weighed,
combusted at 500 °C for 5 h using a muffle furnace (AAF 1100, Car-
bolite, UK) and reweighed. Results were expressed as mg of AFDM
cm−2 of biofilm carrier surface area.
2.4.2. Benthic metabolism
We measured biofilm net community metabolism (NCM) and com-
munity respiration (CR) by analysing the changes in DO concentration
inside cylindrical (0.96 L) recirculating chambers, as described by
Acuña et al. (2008). One tray (64 cm2 in surface area) made of stainless-
steel wire mesh (1mm mesh size) was located on each channel at the
beginning of the acclimation phase to allow for a gradual biofilm
adaptation. All the trays were filled with coarse sand (d50 = 0.74mm
median diameter grain size (48 cm2 surface area)) and included a
pebble c.a. 4.5-cm in diameter (16 cm2 surface area), to collect the
performance of epipsammic and epilythic biofilm. At the end of each
phase, trays were extracted from the channels, placed in the re-
circulating chambers, filled with water from the corresponding treat-
ment and incubated for 1 h in light plus 1 h in darkness. All the
chambers were deployed inside an incubator chamber (Radiber AGP-
700-ESP, Barcelona, Spain) to maintain the water temperature equal to
that in the artificial streams (20 °C). NCM was measured under light
conditions (constant PAR of 168 ± 2 µEm−2 s−1, similar to the irra-
diance at the artificial streams), while CR was measured in darkness.
Once metabolism measurements were performed, trays were returned
to their corresponding artificial stream. DO concentration inside the
chambers was measured every 15 s with oxygen sensors (PreSens OXY-
10mini, Regensburg, Germany). Metabolism rates were calculated fol-
lowing Acuña et al. (2008), in which NCM and CR were computed from
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the difference in oxygen concentration between two consecutive mea-
surements (mg O2 L−1), in a specific time interval (h), accounting for
the water volume used in the chamber (L) and the active surface of the
substrate used for the incubation (m2). Gross primary production (GPP)
was estimated as the sum of NCM and CR. In all cases, results were
expressed in mg O2.
2.4.3. Organic matter decomposition
We measured OMD using 12-mm diameter discs from freshly fallen
leaves of black alder (Alnus glutinosa (L.) Gaertner). Discs were cut using
a cork borer, arranged in sets of 15, and each set was weighed and
enclosed in black PVC tubes to prevent algal growth. PVC tubes (2 cm
diameter and 5 cm long) were individually labelled and covered with a
fine mesh (400 µm mesh size) to preclude losing the discs while al-
lowing microbial colonization and water flow. PVC tubes were placed
flat and longitudinally on the bed of the artificial streams at the be-
ginning of the exposure phase in groups of 9, which allowed having 3
replicates per channel. At the end of the exposure phase, leaf discs in-
side PVC tubes were collected, oven-dried (72 h, 70 °C), weighed,
combusted (5 h, 500 °C) and weighed again to estimate AFDM. In the
recovery phase, the same process was repeated with another set of discs
previously prepared under the same conditions. To correct the initial
mass of the leaves used during the experiment, the leaching rate was
determined in the laboratory from an additional set of 20 tubes (10 per
each experimental phase) incubated under the same experimental
conditions. Decomposition rates were calculated according to the ne-
gative exponential model (Petersen and Cummins, 1974), and were
expressed as d-1.
2.5. Data analysis
We aimed at identifying the response type of the functional pro-
cesses we measured by comparing the fit of 8 different models (linear,
exponential, power, logistic, logit, Monod, Haldane and quadratic,
Table 1, Fig. S1) to the data. These models were selected to encompass
the most common relationships between ecosystem processes and en-
vironmental factors. The linear and quadratic models were adjusted
using linear models with the "lm" R function (Chambers, 1992),
whereas the other models were adjusted using non-linear models with
generalized least squares by the "gnls" R function (Pinheiro et al., 2018).
The number of models fitted was not the same for all the variables, as
the specific conditions necessary to run some of the models were not
always fulfilled. Thus, results for the models [i.e., Akaike Information
Criterion (AIC) and Relative Standard Errors (RSE)] were only com-
puted when the data of each variable fulfilled these conditions. How-
ever, the simplest response (the linear model) was always computed.
Among all the computed models, we selected the most appropriate in
each case following a standard selection criterion: 1) lowest AIC value,
2) lowest RSE value and 3) the model computed must have ecological
sense. This means that models without ecological sense, such as inverse
Haldane or Quadratic models, although computed, were disregarded.
Equally, when none of the models fit the data, the linear model was
selected by default. Normality of the residuals was checked for the
adjusted models in each case, to ensure a correct utilization of the AIC
values. Pearson moment correlation analyses were also used with the
averaged values of water characteristics (i.e., physico-chemical vari-
ables and concentrations of nutrients, anions and cations and DOC) to
identify the direction and strength of the response to the gradient of
WWTP effluent. All statistical analyses were performed using R soft-
ware, ver. 3.4.0. (R Core Team, 2017).
3. Results
3.1. Water chemistry
The effluent used throughout the experiment had 7.9 ± 0.1 pH,
1348 ± 61 µS cm−1 conductivity and 6.9 ± 0.4mg L−1 DO. Nutrient
and DOC concentrations were high: 5.8 ± 2.0mgN L−1 of N-NO2-,
16.1 ± 3.2mgN L−1 of N-NH4+, 16.1 ± 4.2mgN L−1 of N-NO3-,
0.70 ± 0.13mg P L−1 of SRP and 14.3 ± 0.5mg C L−1 of DOC (see
Table 2 and Table S1 for more details). Copper (81.9 ± 1.6 µg L−1),
zinc (71.8 ± 4.8 µg L−1), iron (51.9 ± 3.9 µg L−1) and arsenic
(7.3 ± 0.2 µg L−1) were the most abundant heavy metals in the ef-
fluent (Table S1). Increased effluent contribution linearly reduced DO
and pH (R2 =0.87, p < 0.001 and R2 =0.93, p < 0.001, respec-
tively), and increased conductivity (R2 =0.99, p < 0.001), nutrients
(R2 = 0.94, p < 0.001 for N-NO2-; R2 = 0.99, p < 0.001 for N-NH4+;
R2 =0.98, p < 0.001 for N-NO3-; R2 = 0.95, p < 0.001 for SRP) and
DOC concentration (R2 = 0.99, p < 0.001). However, T did not vary
between treatments (R2 = 0.01, p= 0.84; Table 3). The solutes in-
creased linearly but in different proportion: N-NO2- increased up to
100-fold, N-NH4+ up to 400-fold, whereas N-NO3-, SRP and DOC in-
creased up to 5- to 20-fold. The entrance of unpolluted water in the
recovery phase eliminated the differences among treatments (Table 2).
3.2. Biofilm SRP uptake and biomass accrual
The WWTP effluent caused an immediate stress effect on SRP uptake
capacity, which peaked in the control treatment (5.6 µg P h−1, 0%) and
decreased with increasing pollution proportions (Fig. 1a) to the point
that above 70% of effluent contribution, it became negative, i.e. biofilm
carriers released SRP (Fig. 1a, b). This decrease in the uptake capacity
followed a logit model (Table 3, Fig. S2), showing an abrupt decrease at
the lower levels of pollution and a more stable but negative response
from medium levels of effluent contribution. The effluent also caused
important legacy effects on SRP uptake capacity, which followed the
same decreasing pattern from the control treatment (5.7 µg P h−1, 0%)
to the most polluted one (1.4 µg P h−1, 100%), fitting again the logit
model (Table 3, Fig. S2).
The immediate effects of the WWTP effluent on biofilm SRP uptake
efficiency (i.e., uptake capacity standardized by biofilm biomass) con-
sisted on a decrease (Fig. 1b), which was again highest in the control
treatment (1.0 µg P mg AFDM−1 h−1, 0%), and decreased down to
−0.2 µg P mg AFDM−1 h−1 in the most polluted treatment. Once more,
data fitted best the logit model (Table 3, Fig. S3), suggesting a pure
stress effect. Legacy effects also peaked at low levels of effluent con-
tribution (highest uptake: 0.8 µg P mg AFDM−1 h−1, 14%; lowest up-
take: 0.2 µg P mg AFDM−1 h−1, 100%). This relationship, however,
followed the Haldane model, which suggested a possible subsidy-stress
legacy effect (Table 3, Fig. S3).
Maximum Chl-a values during the exposure phase occurred at
medium levels of effluent contribution (17.5 µg cm−2, 29%, Fig. 1c),
while the lowest values (3.9 µg cm−2) were observed in the control
treatment. Thus, the immediate effects of pollution consisted on sub-
sidizing Chl-a at all proportions of pollution tested. The data fitted best
the Haldane model (Table 3, Fig. S4), thus suggesting a saturating
subsidy effect which became inhibited at higher levels of effluent
contribution. The WWTP effluent had a noticeable legacy effect on Chl-
a, as values were lower in the control treatment (14.9 µg cm−2) and
peaked at intermediate levels of pollution (45.1 µg cm−2, 58%). How-
ever, although the pattern was best described by the quadratic model
(Table 3, Fig. S4), the falling limb of the hump did not fall below the
control. This showed again a saturating subsidy legacy effect with in-
hibition due to the legacy of higher levels of pollution.
Immediate effects of pollution on biofilm biomass accrual (AFDM)
suggested a subsidy-stress response (Fig. 1d): AFDM peaked at low-
medium levels of effluent (1.8 mg cm−2, 14%) and the lowest values
occurred in the most polluted treatment (0.9mg cm−2), the data fitting
best the Haldane model (Table 3, Fig. S5). Thus, AFDM showed a sa-
turating subsidy effect which became stressed in the highest levels of
effluent contribution. Pollution also showed important legacy effects for
AFDM, as biofilm biomass accrual peaked in treatments previously
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exposed to medium levels of effluent contribution (2.9mg cm−2, 58%),
being the lowest again in the most polluted treatment (1.2 mg cm−2).
The data best fitted the quadratic model (Table 3, Fig. S5), thus
showing similar legacy effects of subsidy-stress.
3.3. Benthic metabolism
Immediate effects of the WWTP effluent promoted GPP from 225mg
O2 m−2 h−1 in the control treatment to 785mg O2 m−2 h−1 at medium
levels of effluent contribution (58%), following the quadratic model
(Table 3, Fig. S6). However, as values of the most polluted treatments
did not fall below the control ones, it showed a saturating subsidy ef-
fect, which was most accentuated at medium concentrations and be-
came inhibited at high levels of effluent contribution. The legacy effects
followed a similar pattern (lowest production rate: 298.2mg O2 m−2
h−1, 0%; highest production rate: 499.3mg O2 m−2 h−1, 58%). Data
fitted best the quadratic model (Table 3, Fig. S6), and treatments with
the highest legacy did not provide values below the control ones, sug-
gesting the same subsidy effect accentuated at medium concentrations.
Immediate effects of the WWTP effluent promoted CR from
−83.8mg O2 m−2 h−1 in the control treatment to −518.4mg O2 m−2
h−1 in the most polluted, fitting a logit model which suggested a pure
subsidy effect (Table 3, Fig. S7). A pollution legacy effect could also be
seen by the similar pattern followed by the treatments at the end of the
recovery phase (lowest oxygen consumption rate: −76.8mg O2 m−2
h−1, 0%; highest oxygen consumption rate: −183.2 mg O2 m−2 h−1,
100%). Data fitted best again the logit model (Table 3, Fig. S7), in-
dicating the same pure subsidy legacy effect.
All treatments were autotrophic. The average production-to-re-
spiration ratio (GPP: CR) calculated for exposure and recovery phases
(mean± standard error) were of 2.17 ± 0.21 and 3.52 ± 0.30, re-
spectively, and peaked at intermediate levels of pollution and pollution
legacy (Fig. 2).
3.4. Organic matter decomposition
Immediate effects of the WWTP effluent promoted OMD to values
up to 0.005 d−1 in the most polluted treatment (Fig. 3), whereas it was
lowest at medium levels of effluent contribution (0.003 d−1, 43%). The
results best fitted a linear model (Table 3, Fig. S8), indicating a non-
saturating subsidy effect on OMD. Legacy effects were weak: the
slowest OMD rate (0.011 d−1) occurred at medium levels of effluent
contribution (in the treatment 43%) and the fastest (0.013 d−1) in the
control treatment. However, OMD fitted best a weak linear pattern
(Table 3, Fig. S8), showing almost no legacy effect.
Table 2
Water characteristics in each treatment during the exposure and the recovery phases (all treatments pooled). Values shown are mean ± standard error (SE)
calculated for pH, T, conductivity and DO concentration from 3 replicates per treatment, during 10 surveys in the exposure phase (n=30) and 6 surveys in the
recovery phase (n= 18). Values for N-NO2-, N-NH4+, N-NO3-, SRP and DOC were calculated from 3 replicates per treatment during 12 surveys in the exposure phase
(n=36, except DOC where n= 30), and during 8 surveys in the recovery phase (n=24, except DOC where n=12).
Treatment 0% 14% 29% 43% 58% 72% 86% 100% Recovery
pH 8.4 ± 0.1 8.4 ± 0.1 8.3 ± 0.1 8.2 ± 0.1 8.1 ± 0.1 8.0 ± 0.1 8.0 ± 0.1 7.9 ± 0.1 8.6 ± 0.0
T (°C) 21.1 ± 0.3 21.0 ± 0.2 19.4 ± 0.2 19.1 ± 0.2 19.7 ± 0.2 19.9 ± 0.2 21.0 ± 0.2 21.2 ± 0.2 20.2 ± 0.3
Conductivity (µS cm−1) 220 ± 4 398 ± 9 584 ± 20 766 ± 28 934 ± 37 1112 ± 45 1205 ± 53 1348 ± 61 302 ± 4.3
DO (mg L−1) 8.9 ± 0.1 9.0 ± 0.1 9.2 ± 0.1 8.7 ± 0.2 8.3 ± 0.3 7.8 ± 0.4 7.3 ± 0.4 6.9 ± 0.4 9.2 ± 0.1
N-NO2- (mg N L−1) 0.05 ± 0.0 0.4 ± 0.1 1.8 ± 0.4 2.9 ± 0.8 4.7 ± 1.2 5.5 ± 1.6 6.5 ± 2.0 5.8 ± 2.0 0.003 ± 0.0
N-NH4+ (mgN L−1) 0.04 ± 0.02 2.0 ± 0.5 5.4 ± 1.1 7.7 ± 1.6 9.4 ± 2.1 11.8 ± 2.5 13.4 ± 2.8 16.1 ± 3.2 0.002 ± 0.0
N-NO3- (mg N L−1) 1.2 ± 0.0 3.7 ± 0.5 4.4 ± 0.9 6.9 ± 1.7 8.6 ± 2.3 11.9 ± 3.2 12.6 ± 3.6 16.1 ± 4.2 1.0 ± 0.1
SRP (mg P L−1) 0.04 ± 0.03 0.03 ± 0.01 0.06 ± 0.01 0.21 ± 0.06 0.31 ± 0.09 0.44 ± 0.11 0.53 ± 0.12 0.70 ± 0.13 0.03 ± 0.01
DOC (mg C L−1) 1.2 ± 0.1 3.0 ± 0.1 5.0 ± 0.1 7.1 ± 0.2 9.1 ± 0.3 11.3 ± 0.4 12.2 ± 0.5 14.3 ± 0.5 2.0 ± 0.0
Table 3
Linear and best-fitting model results for soluble reactive phosphorus (SRP) uptake capacity (USRP), SRP uptake efficiency (USRP/AFDM), chlorophyll-a (Chl-a), total
biomass (AFDM), gross primary production (GPP), community respiration (CR) and organic matter decomposition (OMD), for immediate (measured at the end of the
exposure phase) and legacy effects (measured at the end of the recovery phase). Akaike Information Criterion (AIC) and Relative Standard Errors (RSE) results are
shown for the best fitted model on each case (Best fit model, Best AIC, Best RSE), but also for the simplest response, given by default in all the cases (Lin. AIC, Lin.
RSE). These values verify whether the best fitted model improved the linear response results or not. Finally, pollution and legacy effects refer to whether the WWTP
effluent increases (Subsidy), reduces (Stress) or produces both outcomes (Subsidy-Stress) beyond the control values (pure stream water). For more detailed in-
formation about the fitting models see Fig. 2–8, available as Supplementary material to this paper (Fig. S2–S8).
Immediate effects
Process USRP USRP/AFDM Chl-a AFDM GPP CR OMD
Lin. AIC 78.4 3.2 158.1 16.7 317.5 274.5 − 248.2
Lin. RSE 1.14 0.24 6.01 0.32 166.36 67.95 0.001
Best fit model Logit Logit Haldane Haldane Quadratic Logit Linear
Best AIC 77.2 − 3.3 145.3 11.5 315.1 259.8 − 248.2
Best RSE 1.09 0.20 4.51 0.28 155.35 49.11 0.001
Pollution effects Stress Stress Subsidy Subsidy-Stress Subsidy Subsidy Subsidy
Legacy effects
Lin. AIC 59.3 − 13.3 202.6 64.3 291.4 221.4 − 258.9
Lin. RSE 0.77 0.17 15.18 0.85 96.48 22.47 0.001
Best fit model Logit Haldane Quadratic Quadratic Quadratic Logit Linear
Best AIC 56.9 − 22.8 192.3 62.5 286.6 214.5 − 258.9
Best RSE 0.72 0.14 12.02 0.81 85.73 19.12 0.001
Legacy effects Stress Subsidy-Stress Subsidy Subsidy-Stress Subsidy Subsidy No legacy
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4. Discussion
4.1. Ecosystem response to rising concentrations of WWTP effluents
The gradient of effluent contribution in our experiment mimicked
the situation occurring in the field, where in extreme cases wastewater
discharges can contribute most of the in-stream flow, transforming
these streams into effluent dominated systems (Rice and Westerhoff,
2017). Despite our extreme gradient, the expected subsidy-stress
scheme was only followed by biofilm biomass accrual. Otherwise, the
effluent acted as a subsidy for most processes, except SRP uptake, which
decreased dramatically with increasing effluent concentration. How-
ever, the patterns as well as the concentrations at which activities
peaked followed process-specific responses.
Some studies (e.g. Clapcott et al., 2011; Woodward et al., 2012)
have reported stream variables to show hump-shaped responses to
stressors such as nutrient inputs, and this pattern has been often at-
tributed to the subsidy-stress scheme described by Odum et al. (1979).
Nevertheless, Odum defined stress as values of biological activity below
"normal", which means that not all hump-shaped curves reflect subsidy-
stress. In our case, most measured processes did not follow the subsidy-
stress scheme, but were rather subsidized by the WWTP effluent, even
at 100% effluent contribution. Only a few functional processes, such as
the biofilm SRP uptake capacity and the biofilm biomass accrual, were
reduced by the effluent, although they showed different thresholds of
stress. While the biofilm SRP uptake capacity was purely stressed from
the lowest levels of effluent contribution, biofilm biomass accrual fol-
lowed the subsidy-stress pattern, shifting from being subsidized to be
stressed at medium levels of effluent contribution. These results show
that, despite the presence of toxic compounds, the main overall effect of
the complex mixture of substances in the WWTP effluent used in the
present experiment was to subsidize biological activity.
According to the EU-funded ENERWATER research project (http://
www.enerwater.eu/), the effluents from WWTPs worldwide span a very
large range of nutrient concentration (0.1–95mg N L-1 and 0.1–9mg P
L-1 for total nitrogen and total phosphorus, respectively) (ENERWATER,
2018). Our effluent fits in the low range of both nutrients, meaning that
more stress responses could have been detected with effluents fitting
higher ranges of nutrient concentrations. Regarding heavy metals, the
most abundant in our effluent were copper and zinc, which are among
the top five metals of concern in freshwater ecosystems (Su et al.,
2017). Clements et al. (1992) showed a reduction in benthic in-
vertebrates after 10 d of exposure to 25 µg L−1 of copper, which was
followed by a shift in community composition from sensitive to tolerant
taxa. Similarly, Wong and Chau (1990) found toxic effects for fresh-
water algae after exposure to 30 µg L−1 of zinc. In our experiment,
these concentrations were exceeded by far (82 µg Cu L−1 and 72 µg Zn
L−1), which suggests there were toxic effects for the biological com-
munities in some of our artificial streams. However, most of the mea-
sured functional processes were not inhibited, which suggests that the
biofilm community was evolving towards a more resistant community
(Niyogi et al., 2002; Costello et al., 2016).
The response of some of the functional processes measured (quad-
ratic for GPP, logit for CR and linear for OMD) best fitted models in-
dicating that the effluent produced a non-saturating subsidy effect. In
those cases, the potential toxic effects of the effluent were upset by
factors promoting biological activity, which seemed not to be limiting.
Probably, the high nutrient supply (up to 400-fold times higher than in
the control), the absence of light limitation and the warm water tem-
perature in our experiment promoted these microbially-mediated pro-
cesses, as has been shown in open streams placed below WWTP ef-
fluents (Stelzer et al., 2003; Albek, 2003; von Schiller et al., 2007).
Fig. 1. Immediate (exposure phase, shaded columns) and legacy effects (recovery phase, white columns) of WWTP effluent pollution on processes measured on
biofilm carriers. (a) Soluble reactive phosphorus (SRP) uptake capacity (b) SRP uptake efficiency (SRP uptake standardized by biofilm biomass), (c) chlorophyll-a
(Chl-a) and (d) biofilm biomass accrual (AFDM). Values shown are mean ± standard error (SE).
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These results are in line with previous studies where high nutrient
concentrations and warm water temperatures were reported as the
main drivers of faster decomposition rates in effluent-dominated
streams (Spänhoff et al., 2007). Still, we expected that the high con-
centrations of both assimilable and toxic compounds in the most con-
centrated treatments would produce stress effects and limit processing
rates, but this was not the case. Our results for benthic metabolism also
support that the higher nutrient concentrations derived from waste-
water effluents would promote overall ecosystem metabolism (Gücker
et al., 2006; Izagirre et al., 2008). At medium pollution levels, however,
primary production became saturated while respiration increased dra-
matically. After 15 d of exposure to the WWTP effluent, some of the
most polluted treatments started to show hypoxic conditions during the
night (DO concentrations down to 4mg L−1), and reached anoxic
conditions (1mg L−1) after 25 d of exposure. Overall, these are signals
of eutrophication in the most polluted treatments (Smith, 2003; Brack
et al., 2007).
Some other response models (Haldane for Chl-a and AFDM) indicate
that the effluent produced a saturating subsidy effect on these pro-
cesses, with inhibition at higher levels of effluent contribution. Medium
pollution concentrations were saturating for both processes and the
highest pollution levels induced inhibition, and even stress in the case
of biofilm biomass. This saturating subsidy effect has been widely de-
scribed in the literature (Paul and Meyer, 2001), together with the toxic
effects that could be produced by higher nutrient concentrations (Ribot
et al., 2015). Interestingly, this saturation threshold was achieved at
lower levels of effluent contribution for both Chl-a and AFDM than for
GPP, suggesting that structural variables could be more sensitive than
those related to ecosystem functioning. However, the decreasing ten-
dencies caused by inhibition at higher levels of effluent contribution did
not fit the non-saturating tendencies observed for both OMD and CR.
This suggests that effects can depend on the type of organism. It is well
known that nutrient inputs below WWTP effluents may induce changes
in species composition (Bernhardt and Likens, 2004; Domingues et al.,
2011; Drury et al., 2013), and this could affect both the primary pro-
ducers as well as the heterotrophs existing in our artificial streams,
which could have favoured the presence of a more homogeneous but
resistant community.
Finally, the logit model showed that the effluent had a pure stress
effect on SRP uptake capacity and efficiency, as both activities de-
creased since the lowest levels of pollution. The demand for nutrients
dissolved in the water column is affected by the balance between the
biofilm and the water column, and thus internal recycling gains im-
portance when the external supply is comparatively low (Mulholland,
1996; Hall et al., 2002). Under high external nutrient supply, biofilms
become less efficient in nutrient removal from the water column (Martí
et al., 2004; Proia et al., 2017), to the most extreme cases where no
nutrient removal occurs due to a saturation of the system (Earl et al.,
2006). Moreover, in our experiment, SRP concentrations in the most
polluted treatments were higher than in the bioassay standard solution,
which could have led to abiotic desorption of SRP by the biofilms.
Therefore, our results point to a combination of biotic saturation of SRP
removal and shifts in abiotic sorption-desorption mechanisms as the
main causes of the observed decline in SRP uptake capacity and effi-
ciency along the gradient of increasing pollution contribution.
4.2. Legacy effects
Most measured processes showed clear legacy effects of pollution,
despite a higher biological activity at the end of the recovery phase than
at the end of the exposure phase. However, these legacy effects fol-
lowed either subsidy, stress, or subsidy-stress dynamics.
For most of the processes, the response model for the legacy effect
was the same as for the immediate effect despite the inclusion of co-
lonized cobbles from the unpolluted Llémena River at the onset of the
recovery phase. This fact suggests that the biofilm community in the
channels had acquired some degree of resistance to the new inoculum.
During the whole experiment, the water flow was slow, which has been
shown to enhance biofilm biomass, thickness and complexity (Battin
et al., 2003). These thick biofilm structures reduce the hydraulic ex-
change between the biofilm and the water column, promoting internal
cycling processes (Earl et al., 2006; Johnson et al., 2015). Thus, thick
biofilm can store large concentrations of nutrients, as we observed in
the experiment even weeks after the effluent flow ceased. The storage of
nutrients and other pollutants within the biofilm could be the main
cause for the persistence of the similar subsidy, stress or subsidy-stress
patterns for immediate and legacy responses. Results found in another
add-on work to this experiment (Vicenç Acuña, Unpublished data)
Fig. 2. Immediate (exposure phase, shaded columns) and legacy effects (re-
covery phase, white columns) of WWTP effluent pollution on benthic metabo-
lism. (a) Gross primary production (GPP) and (b) Community respiration (CR)
measured on epipsammic and epilithic biofilm. Values shown are mean ±
standard error (SE).
Fig. 3. Immediate (exposure phase, shaded columns) and legacy effects (re-
covery phase, white columns) of WWTP effluent pollution on organic matter
decomposition (OMD). Values shown are mean ± standard error (SE).
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support this idea, as they found phosphate desorption from the sedi-
ment and biofilm during the recovery phase.
Most studies assessing the effects of urban pollution on stream
ecosystem functioning are usually based on the comparison between
reaches located upstream and downstream from existing point-source
inputs (e.g., Sánchez-Pérez et al., 2009). Although field studies offer
greater realism than laboratory experiments, the latter offer the op-
portunity to ask questions impossible to answer with just observational
studies, such as the effect of the dilution rate of WWTP effluents.
5. Conclusions
Urban pollution from WWTPs affected the functioning of our me-
socosm ecosystems, although mostly not following the subsidy-stress
scheme we expected. Instead, subsidy responses were prevalent among
the variables measured, even though complex and process-specific
patterns were observed. Legacy effects occurred for most of the studied
processes and followed a similar pattern to that of immediate effects,
although responses became more complex, mainly driven by the in-
ternal cycling occurring within biofilms. Overall, the effluent used in
the present experiment produced complex effects, and we could, thus
suspect even more complex responses in real-world freshwater ecosys-
tems.
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